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Predicting indirect effects of fishing in Mediterranean rocky
littoral communities using a dynamic simulation model
John. K. Pinnegar∗, Nicholas V.C. Polunin
School of Marine Science and Technology, University of Newcastle, Newcastle upon Tyne, NE1 7RU, UK
Abstract
Modelling may significantly enhance our understanding of the potential impacts of fisheries at larger spatial scales and on
groups that would otherwise be very difficult to study. An aggregated biomass-based simulation model of a Mediterranean
infralittoral zone was developed and used to carry out fishing ‘experiments’ where fishing intensity and catch selection were
varied. The model was constructed for the Bay of Calvi, Corsica, using the Ecopath with Ecosim software, and was composed of
27 compartments, including seabirds, 11 groups of fish, 12 groups of invertebrates, 2 primary producers, bacteria and detritus.
Several instances of indirect fishing effects (‘trophic cascades’ and ‘keystone predation’) have been proposed from anecdotal
evidence in the western Mediterranean. Model outcomes provided little support for the widely accepted paradigm that fishing,
by removing invertebrate-feeding fish, allows increases in the biomass of sea urchins and as a consequence the formation of
overgrazed ‘barrens’ of bare substrate. Simulated harvesting of sea urchins by humans did, however, results in an increase of
macroalgal biomass as reported previously. Intensified fishing pressure on ‘macrocarnivorous’ fish resulted in a ‘release’ of small
fish species (e.g. blennies), and as a consequence a decline in the biomass of some small invertebrates on which they feed (e.g.
amphipods). Increased fishing on large ‘piscivores’ resulted in increases in other small fish groups and consequential effects on
other benthic invertebrate groups (e.g. polychaetes). Depletion of piscivorous fish resulted in a dramatic increase in the biomass
of seabirds, which apparently compete with piscivores for small demersal and pelagic fish. An intensification of fishing pressure
overall resulted in an increase in cephalopod biomass.
Responses of target species to increased fishing pressure were most marked within the first 5 years of the new fishing regime.
Indirect responses exhibited varying degrees of inertia, and biomasses of many groups did not assume a new equilibrium within
the first 20 years of the simulation.
The Mediterranean infralittoral rocky-bottom ecosystem was predicted to be relatively resilient to pulses of increased fishing
and exhibited a high degree of detritus recycling. However, the speed and magnitude of ecosystem responses was shown to
depend greatly on the extent of ‘top-down’ or ‘bottom-up’ control assumed for components within the system.
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1. Introduction
One of the most widely expressed concerns about
intensive fishing is that it will lead to imbalances in
ecosystem function with knock-on effects for com-
munity structure overall (Jennings and Kaiser, 1998;
Pinnegar et al., 2000). The initiation of fishing or
harvesting in a previously unfished system leads to
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dramatic reductions in the abundance of target stocks
(Sánchez Lizaso et al., 2000) and this may in-turn
induce indirect trophic (food web) interactions, such
as trophic cascade effects or ‘keystone predation’
(see definitions inMenge, 1995), whereby removal
of a predatory species may result in a ‘release’ of its
prey or competitors. This signal that may prolifer-
ate throughout food webs and descend four or more
trophic levels in some instances (Pinnegar et al., 2000).
Human exploitation of inshore marine resources
dates back thousands of years in the Mediterranean
and most commercial fish stocks are considered to be
greatly overexploited (Farrugio et al., 1993). It has
been suggested that the increased prevalence of bar-
rens of bare substrate and coralline algae in many parts
of the western Mediterranean may be one symptom
of this long-standing intensive use of the littoral zone
(Sala et al., 1998a). Many studies have demonstrated
that large piscivorous and invertebrate-feeding fish are
more abundant within Mediterranean marine protected
areas (MPAs) than outside them (reviewed inGarćıa
Charton et al., 2000; Sánchez Lizaso et al., 2000)
and this is often particularly so for the sparid fishes
Diplodus sargusandDiplodus vulgaris(e.g.Bell and
Harmelin-Vivien, 1983; Harmelin et al., 1995). These
Diplodus species, along with the wrasseCoris julis,
are considered to be major predators of sea urchins
(Sala, 1997), and at unprotected sites where density
of fish is low, urchin populations tend to be greatly
increased (Sala and Zabala, 1996). When at high den-
sities, sea urchins have been shown to remove large
erect algae and induce formation of coralline barrens
(Lawrence, 1975; Verlaque, 1987). The elimination of
erect algae and the simplification of community struc-
ture associated with sea urchin overgrazing has been
shown to result in a dramatic reduction in associated
fauna (Vukovic, 1982). In some areas of the Mediter-
ranean, sea urchins are considered a delicacy (Le
Direach, 1987) and intenseParacentrotus lividushar-
vesting (commercial and recreational) has caused local
depletion of urchins (Gras, 1987). Elsewhere, urchin
harvesting has resulted in an increase in macroalgal
biomass (e.g.Steneck et al., 1995).
Conspicuously, lower abundance and species rich-
ness of macroinvertebrates (mostly echinoderms and
large molluscs) were observed within the Scan-
dola MPA (Fig. 2) in Corsica (Boudouresque et al.,
1992) where the abundance, biomass and diversity
of predatory fishes were greater than outside this
MPA (Francour, 1994). In contrast, within the inte-
gral (no-fishing) zone of the Ustica MPA (Fig. 2),
abundance and species richness of small inverte-
brates (polychaetes and gastropods) were greater
than outside it (Badalamenti et al., 1999; Chemello
et al., 1999; Milazzo et al., 2000). This coincided
with lower abundance of small microcarnivorous fish
species (e.g. blenniids, gobiids, tripterygiids and ju-
veniles of several taxonomic groups) and an increase
of piscivorous and macrocarnivorous fish abundance
(e.g. groupers) in the same area (Vacchi et al., 1998;
La Mesa and Vacchi, 1999). Macpherson (1994)also
observed fewer species and much lower abundance
of small fish (blenniids) inside the Medes Marine
Reserve (Fig. 2) than in sites outside, where poten-
tial predators were less abundant. Therefore, from
anecdotal evidence it would seem that at least four
distinct ‘trophic cascades’ have been documented for
Mediterranean rocky littoral areas (Fig. 1).
Demonstrating indirect effects of fishing, such as
trophic cascades, is difficult and has only been pos-
sible in shallow, hard-bottom communities that are
amenable to investigation (seePinnegar et al., 2000).
The most conspicuous consumers, such as sea urchins
and fish, typically tend to be studied, while other
potentially important organisms, such as polychaetes
and small crustaceans or molluscs, have been ne-
glected. Most of the data used to support the notion
of trophic cascades are inferential (Elner and Vadas,
1990; Sala et al., 1998a) or based on small-scale ex-
periments that may not be applicable at larger spatial
scales. The large-scale and long-term implications of
small-scale observations remain essentially untested
in the Mediterranean and the potential ecological
effects of closing large areas to fishing are poorly
understood (Sala et al., 1998a; Pinnegar et al., 2000).
There is little consensus concerning the concep-
tual and analytical tools that should be used to study
trophic interactions in ecosystems (Walters et al.,
1997). Modelling can increase understanding of fish-
eries and their potential influence on groups that are
otherwise difficult to study. Construction, validation
and application of models to projection of future
stock levels are desirable for fisheries management.
The last two decades have seen an explosive growth
in the number and type of multispecies models di-
rected at fisheries questions (reviewed inHollowed






























Fig. 1. Schematic diagrams of four fishery-mediated trophic cascade effects proposed from field studies in western Mediterranean rocky
littoral communities; f: fishing/harvesting, g: grazing and p: predation. Direct interactions are denoted by solid arrows and indirect effects
by dotted arrows.
et al., 2000; Whipple et al., 2000), each of which has
benefits and limitations.
McClanahan and Sala (1997)constructed a biolog-
ically aggregated energy-based simulation model of a
Mediterranean infralittoral rocky-bottom grazer com-
munity using Lotka–Volterra equations. This model
yielded useful predictions of the effects of fishing,
which generally agreed with patterns observed in the
field. However, that model suffered several major lim-
itations, chief among these being the low taxonomic
differentiation (three fish groups, two invertebrate
groups) and the complete exclusion of pathways as-
sociated with plankton and detritus. Planktivorous
fish may represent as much as 32% of fish biomass
and 18% of fisheries catches, and can be responsible
for 40% of all fish throughput at some Mediterranean
sites. Plankton and planktivorous fishes have been
shown to be important prey for littoral predators
and important producers of detritus (Pinnegar, 2000;
Pinnegar and Polunin, 2000), which may be very
important in governing a system’s ability to recover
from disturbances, such as fishing (Vasconcellos et al.,
1997).
The mass-balance approach incorporated in the
Ecopath software has been widely used for construct-
ing food web models of marine ecosystems and to
address issues of relevance to fisheries management
(Pauly et al., 2000). The non-dynamic nature of Eco-
path, however, greatly limits its predictive power and
consequently its usefulness (McClanahan and Sala,
1997) but such limitations were overcome through
introduction of the Ecosim module (Walters et al.,
1997). Ecosim has been widely used to predict and
evaluate ecosystem effects of fishing (e.g.Christensen,
1998; Trites et al., 1999a,b; Arreguin-Sanchez, 2000;
Shannon et al., 2000; Stevens et al., 2000). In the
present study of the Bay of Calvi, Corsica, Ecosim is
used to see whether:
(a) the ecosystem was able to recover from pulses of
increased fishing pressure;
(b) fishing resulted in the same cascades indicated by
the anecdotal field evidence (Fig. 1);
(c) the predicted cascade effects were detectable over
time scales which correspond with those indicated
from field studies; and
(d) potential cascade effects might exist, other than
those already documented from existing anecdotal
field evidence.
2. Methods
2.1. The study area
An Ecopath steady-state model was constructed to
represent the rocky sublittoral community of the Bay
of Calvi, Corsica (Fig. 2), which has a total area of
approximately 2200 ha (Dauby, 1989). Many aspects
of the Bay’s ecology and biology have been studied
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Fig. 2. Map of the western Mediterranean showing the site on which the model is based (Bay of Calvi, Corsica—filled star) and those
locations from which anecdotal evidence for trophic cascade effects exist (open stars).
(Pinnegar, 2000), particularly in the western part,
which is also known as the Bay of Revellata. The Bay
of Revellata has approximately 7.8 km of shoreline,
fringed by 53.1 ha of rocky sublittoral habitat, 179 ha
of Posidonia oceanicaseagrass meadow and 14 ha of
sandy substrate (Sargian, 1997). Rocky communities
generally exist to a depth of around 9 m and surface
temperatures range from 13◦C in February to 26◦C
in August (STARESO, unpublished data).
2.2. The Ecopath model
Originally proposed byPolovina (1984), Ecopath is
a program for balancing steady-state ecosystem mod-
els and has been combined with routines for network
analysis based on the approach ofUlanowicz (1986).
Trophic interactions among the functional groups of
the ecosystem can be described by a set of linear equa-
tions, the equation for each group (i) being:
production by(i) − predation on(i)
− non-predation losses of(i) − export of(i) = 0
which may also be written as:
Pi = Yi + BiM2i + Ei + Pi(1 − EEi) (1)
wherePi is the total production ofi; Y is the total catch
of i, M2i is the predation mortality rate for groupi;
B is the biomass of the group,E is the net migration
rate (emigration–imegration) and EEi is the ecotrophic
efficiency ofi (the fraction of the production ofi that is
consumed within the system, exported or harvested).
















DCji − Yi − Ei = 0
(2)
whereP/Bi is the production/biomass ratio, andQ/Bj
is the consumption/biomass ratio and DCji the frac-
tion of the prey (i) in the average diet of predatorj
(Christensen and Pauly, 1992).
This system of linear equations can be solved us-
ing standard matrix algebra (Christensen and Pauly,
1992), and although Dcji, Yi andEi must always be
entered, entry is optional for any one of the other four
parameters (Bi, P/Bi, Q/Bi, EEi).
The Ecopath model presented here was developed
using an alpha-version of the Ecopath 4 (Ecopath
with Ecosim) software (Pinnegar, 2000). Flows within
the model were given in g wet weight m−2 per year
(equivalent to t km−2 per year) and consequently
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stocks (biomasses) as g wet weight m−2. Where avail-
able, published and unpublished sources concerning
the Gulf of Calvi were used to generate input parame-
ters; however, in some cases it was necessary to draw
from the wider literature, from Corsica or elsewhere
in the western Mediterranean and lastly from outside
the Mediterranean. The ‘pedigree’ of input data was
recorded, identifying whether it was taken from a
model of a similar system, or based on a rough or
precise estimate from local data (sensuFuntowicz and
Ravetz, 1990), these values were then used to assess
model quality (Pauly et al., 2000). Model quality (P)
was estimated at 0.528 and the overall measure of
fit t∗, which takes into account the number of living
groups in the system (26) was estimated at 3.05.
Fish species were aggregated into 11 distinct
functional groups (Appendix A) on the basis of
Bray–Curtis similarity coefficients and hierarchical
agglomerative clustering of published gut-contents
data (Pinnegar, 2000). Invertebrates were grouped into
11 categories, based largely on published prey types
of fish; these were usually taxonomic groupings (e.g.
decapods, amphipods and polychaetes). However,
there were also several aggregate groups, namely, her-
bivorous zooplankters, protozoans, macro-mero-holo
plankton, suspension feeders, and ‘other’ crustaceans.
Additional groups included seabirds, phytoplankton,
bacteria, macroalgae and detritus (Table 1).
The ‘cycling index’, the fraction of the ecosystem’s
throughput that is recycled (Finn, 1976), the omnivory
index and trophic level of each group were calculated
using procedures outlined byChristensen and Pauly
(1992, 1993).
2.3. The Ecosim model
Ecosim is a time-dynamic simulation model that
takes the set of linear equations used to construct Eco-
path models (Eq. (1)), and sets up a series of differ-
ential equations (Walters et al., 1997; Christensen and










Qij + Ii − (Mi + Fi + ei)Bi
(3)
where dBi/dt represents the growth rate during the time
interval dt of group (i) in terms of its biomassBi, gi
is the net growth efficiency (production/consumption
ratio), Mi is the non-predation (‘other’) natural mor-
tality rate,Fi is fishing mortality rate,ei is emigration
rate,Ii is immigration rate, andeiBi − Ii is the net mi-
gration rate. The consumption ratesQji are calculated
based on the ‘foraging arena’ concept, whereBi’s are
divided into vulnerable and invulnerable components
(Walters et al., 1997), and it is the transfer rate (vij )
between these two parameters that determines if con-
trol is top-down (i.e. Lotka–Volterra), bottom-up (i.e.
donor-driven) or of an intermediate type.
The user-defined vulnerability (v) setting can range
from 0 for total bottom-up control to 1 for complete
top-down control. For the present simulations, a de-
fault value ofv = 0.5 was used for all groups unless
otherwise stated, and this represents mixed ‘top-down’
and ‘bottom-up’ control.v is converted toxij within
Ecosim using the scaling equation:
xij = exp 2((expv) − 1) (4)
xij is then multiplied by the instantaneous mortality
rate of i caused byj in order to obtainvij :
vij = xij Qij
Bij
(5)
Note that over the course of development, different
versions of the Ecopath with Ecosim software have
assumed different ‘default’ values for user-definedv.
2.4. Fisheries data
The Gulf of Calvi artisanal fisheries have been re-
viewed byCulioli (1986), Riutort (1989)and Anon.
(1998). Culioli (1986)estimated that each fishing boat
from the port of Calvi caught around 20.72 kg of fish
per trip. Assuming that in 1998, seven boats operated
out of Calvi (Anon., 1998), and that these made an
average of 139 trips over the course of the year (based
on values collated over 89 days byCulioli, 1986), then
the annual catch was around 20.22 t.Riutort (1989)
suggested that the Calvi fishing boats generally op-
erate over distances less than 16 km, between Punta
di Spano and Punta di Morsetta. Within this zone,
there are approximately 33.8 km of coastline open
to fishing (excluding the marine reserve at the tip of
the Revellata peninsula and areas of sandy beach) of













































Input data and resulting parameters (biomass,P/B ratio, Q/B ratio, catch and ecotrophic efficiency EE) for the 27 groups of the Ecopath steady-state model of the Bay of










(g m−2 per year)
Flow to detritus
(g m−2 per year)
Omnivory
index
1 Cephalopods 3.6 6.678 0.891 5.176 (0.946) 0.000 7.235 0.037
2 Seabirds 4.3 0.009 5.400 80.000 (0.000) 0.000 <0.001 0.615
3 Piscivorous fish 4.3 1.922 0.729 4.887 (0.379) 0.531 <0.001 0.894
4 Macrocarnivorous fish 4.1 2.312 0.726 5.735 (0.385) 0.532 <0.001 0.520
5 IF1 3.3 (12.385) 0.514 6.251 0.950 0.192 8.989 0.244
6 IF2 3.2 2.900 0.391 5.366 (0.101) 0.039 2.763 0.455
7 IF3 3.5 7.472 0.756 7.149 (0.312) 0.122 9.871 0.437
8 Sessile invertebrate feeders 3.1 0.640 0.475 5.761 (0.064) 0.008 0.697 0.422
9 IF4 2.9 0.036 1.828 7.377 (0.988) 0.065 0.031 0.361
10 Omnivorous blennies 2.8 (0.617) 0.605 13.171 0.950 0.000 0.929 0.344
11 Herbivorous fish 2.1 4.740 0.780 12.025 (0.040) 0.074 34.900 0.124
12 Planktivorous fish 3.5 15.401 0.937 10.284 (0.169) 0.354 29.729 0.548
13 Mugilidae 2.5 0.153 0.624 8.587 (0.992) 0.022 0.723 0.379
14 Pelagic bacteria 2.0 (0.724) 284.800 1898.730 0.950 0.000 1109.357 0.000
15 Zooplankton 2.5 (0.2991) 50.000 170.000 0.950 0.000 208.799 0.435
16 Macroplankton 3.3 0.745 25.000 70.000 (0.611) 0.000 14.031 0.794
17 Pelagic protozoa 2.4 (1.219) 150.000 300.000 0.990 0.000 149.969 0.279
18 Phytoplankton 1.0 (4.570) 112.650 – 0.950 0.000 25.741 0.000
19 Suspension feeders 2.5 70.000 (4.412) 6.531 0.950 0.000 106.878 0.462
20 Echinoderms 2.1 64.426 (0.506) 2.771 0.950 0.000 73.065 0.095
21 ‘Other’ crustacea 2.1 10.002 20.210 92.595 (0.787) 0.000 228.252 0.173
22 Amphipods 2.1 (20.718) 9.000 21.744 0.950 0.000 130.954 0.115
23 Decapods 3.0 24.630 (3.064) 18.890 0.950 0.000 96.826 0.405
24 Polychaetes 2.5 62.339 3.360 19.260 (0.822) 0.000 493.561 0.398
25 Gastropods 2.5 (67.142) 1.913 10.710 0.950 0.000 423.492 0.487
26 Macroalgae 1.0 (899.286) 1.573 – 0.950 0.000 70.729 0.000
27 Detritus 1.0 230.850 – – (0.768) 0.000 – 0.143
Values in parentheses are those calculated by Ecopath assuming mass-balance.
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Consequently, we estimated that around 4.47 t of fish
are removed from the Bay of Revellata each year.
Catch composition (% weight) was derived from
Culioli (1986), and species were divided into those
found only over rocks, those found over both rocks
and Posidonia seagrass meadows, and those only
found over Posidonia (Bell and Harmelin-Vivien,
1983; J.K. Pinnegar, personal observations). The
catch associated with species found only overPosi-
donia was first subtracted from the total catch and
then that associated with both habitats was divided
in accordance with the relative abundance of the two
habitats in the Bay of Revellata (1:3.4) in order to
obtain a figure for the weight of fish caught only over
rocky substratum. This was then divided by the total
surface area of rocky substratum (53.1 ha) in order
to calculate catch in g m−2 per year. The composi-
tion and relative biomass of by-catch/reject species
caught by the fishery (Riutort, 1989) were added to
the estimates of total catch landed. The resulting to-
tal catch data were divided by the biomass of each
group in order to obtain an estimate of fishery morta-
lity (F).
2.5. Fishing scenarios
2.5.1. Resilience to short-term disturbance
In the present study, four groups were considered
‘wasp-waist’ species (sensu Rice, 1995), namely,
‘planktivorous fish’ and ‘invertebrate-feeding fish’
groups 1–3 (trophic level 3.5, 3.3, 3.2 and 3.5, respec-
tively). Simulations were conducted to establish the
recovery time of the ecosystem after a 10-year pulse
(five times the baseline) of increased fishing on each
of these groups, where vulnerability (v) was set at 0.5
(equal top-down and bottom-up control). In separate
simulationsv was set at 0.4 and 0.6.
2.5.2. Response to different levels of fishing mortality
To test for possible ‘top-down’ effects of fishing,
simulations were conducted in which catches of pis-
civorous, macrocarnivorous and invertebrate-feeding
fish or echinoderms (primarily sea urchins) were in-
dividually altered from their steady-state settings and
ranged from zero, representing the initiation of an
MPA, to six times the steady-state value. Biomasses
of each of the groups in the ecosystem were recorded
after 40 years.
In order to obtain sensible harvesting scenarios for
sea urchins, which are not commercially exploited
in the Bay of Revellata, we used values from the
Marseilles region (Fig. 2), where on average some
78,380 kg of urchins are collected from 50 km of rocky
shoreline (∼7.08 ha) each year (Le Direach, 1987). A
harvest of∼22.1 g m−2 was estimated for Marseilles
and simulations in which catch was set at 0, 8, 16,
24 and 32 g m−2 were conducted using the model pre-
sented here.
2.5.3. Speed of biomass changes
The majority of MPAs in the Mediterranean are
less than 15 years old (Badalamenti et al., 2000)
and changes in the biomass of both target and
non-target species were reported shortly after the es-
tablishment of many of these (Pipitone et al., 2000;
Sanchez Lizaso et al., 2000). Thus, simulations were
conducted to explore the time scale over which
any predicted/modelled trophic cascades might oc-
cur. Catches of piscivorous, macrocarnivorous and
invertebrate-feeding fishes or echinoderms were set
at twice the steady-state values derived from the
Ecopath model. Biomasses were recorded at 2-year
intervals for a period of 20 years.
3. Results
3.1. The Ecopath model
The balanced Ecopath model (fully documented
in Pinnegar, 2000) consisted of 27 compartments
(Table 1) and a total biomass (excluding detritus) of
1284 g m−2. The total fisheries catch amounted to
1.94 g m−2 per year and operated at a mean trophic
level of 3.77, with catches being highest on pis-
civorous, macrocarnivorous and planktivorous fish
(Table 1). The amount of detritus in the ecosystem
that was recycled, relative to the total system through-
put (13,535 g m−2 per year), i.e. Finn’s Cycling Index
(FCI), was estimated at 21.69%.
3.2. Resilience
Following a pulse of increased fishing at five times
baseline fishing pressure for 10 years, and under a
regime slightly dominated by bottom-up control (v =
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Table 2
Maximum ecosystem response duration (t, the time in years it
takes for all components to recover to within 1% of the original
biomass) and magnitude (m, the greatest response relative to the
steady-state value measured at year 20) following a pulse of
increased fishing (×5 for 10 years) on ‘wasp-waist’ groups under
differing vulnerability (v) scenarios
Group Fa v = 0.4 v = 0.5 v = 0.6
t m t m t m
Planktivores 0.023 9.75 0.17 22.67 0.23 57.25 0.29
IF1 0.016 19.50 0.28 38.5 0.44 >80 0.63
IF2 0.013 14.58 0.26 20.92 0.31 38.67 0.36
IF3 0.016 11.33 0.23 18.75 0.41 61.5 0.64
a F is the baseline fishing mortality (per year) from the Ecopath
steady-state model.
0.4), all components of the ecosystem recovered fully
to within 1% of the starting value within 20 years
of the disturbance (Table 2). Manipulation of fishing
pressure on the invertebrate-feeding fish group IF1 re-
sulted in the long-lasting responses (19.5 years) and
manipulation of fishing on planktivorous fish revealed
the most short-lived responses (9.8 years). Introduc-
ing top-down control into the simulation (v = 0.6),
resulted in a response that endured for more than 80
years. The magnitude of the response measured at the
end of the fishing pulse (m), was also very sensitive
to changes inv; responses of greater magnitude were
observed when top-down control was higher (Table 2).
3.3. Responses to differing fishing intensity
Increased fishing on the urchin-feeding IF2 group
(D. sargus, D. vulgaris) resulted in a linear decline
in the biomass of this group (Fig. 3a) such that at six
times steady-state fishing pressure (0.234 g m−2 per
year), biomass was reduced by 44%. The indirect ef-
fect of this depletion was an increase in the biomass of
echinoderms by 8.7% and a decrease in the biomass of
macroalgae by 0.7% (Fig. 3a). Increased fishing on the
urchin-feeding IF3 group of fish (C. julis, Symphodus
roissali, Aidablennius sphynxandParablennius zvon-
miri) also led to a decline in the biomass of the target
group (Fig. 3b), such that at six times steady-state
fishing pressure (0.732 g m−2 per year), biomass
was reduced by 14.6%, but echinoderms increased
by only 0.8% and macroalgae decreased by 1.7%
(Fig. 3b).
0 0.1 0.2
Catch (g m-2 y-1
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Fig. 3. Effects of simulated increases in fishing pressure on two
groups (a) IF2 and (b) IF3 of invertebrate-feeding fishes and
the consequential indirect effects on echinoderm (dashed line)
and macroalgal (dotted line) biomasses. Star indicates steady-state
fishing pressure.
Complete cessation of fishing on IF2 and IF3 led to
a 7.7% increase in IF2 and a 6.4% increase in IF3, but
mixed/variable impact on echinoderm and macroalgal
biomass was predicted (Fig. 3a and b). A halt in fish-
ing the IF2 group resulted in a 1.5% decline in echin-
oderm biomass and a 0.13% increase in macroalgal
biomass, while cessation of fishing the IF3 group had
greater impact, namely, a 15% increase in echinoderm
biomass and a 1% decrease in macroalgal biomass.
Increased human harvesting of echinoderms re-
sulted in an exponential decline in echinoderm
biomass such that at high harvesting pressures, echin-
oderms were almost completely extirpated (Fig. 4a).
Even low levels of harvesting resulted in consider-
able impact on echinoderm biomass, a harvest of
only 5 g m−2 per year (equivalent to a harvesting

































































Fig. 4. (a) Effects of simulated increases in harvesting pressure
on echinoderms (dashed line) and the consequential indirect effect
on macroalgae (dotted line); and (b) indirect effects of harvesting
echinoderms on other groups of herbivorous invertebrates and fish.
Star indicates harvesting pressure on shores adjacent to Marseille.
mortality of 7.8%) resulted in a 48.5% decline in
stock biomass. Direct harvesting of echinoderms also
affected herbivorous fish and invertebrates (Fig. 4b).
Increased fishing pressure on the piscivorous
fish group (includingDentex dentex, Epinephelus
marginatus, Muraena helena, Conger conger, Scor-
paena scrofaand Serranus cabrilla) led to an ex-
ponential reduction in the biomass of these species,
such that at four times steady-state fishing pressure
(Table 1), piscivorous fish were all but extirpated
(Fig. 5a). This decline in the biomass of piscivores
led to substantial increases in the biomass of macro-
carnivorous and IF1 fish groups and decreases in the
biomass of omnivorous blennies (Fig. 5b). The indi-
rect effects of reduced piscivore biomass on benthic










































































































Fig. 5. (a) Direct effect of simulated increases in fishing pres-
sure on large piscivorous fish; (b) indirect effects on small
invertebrate-feeding fish groups; and (c) indirect effects on benthic
invertebrates. Star indicates steady-state fishing pressure.
in the biomass of amphipods and suspension feed-
ers, a decrease in the biomass of polychaetes and
decapods, but very little change in the biomass of
gastropod molluscs (Fig. 5c).
The macrocarnivorous fish (includingScorpaena
porcus, Scorpaena notata, Serranus scriba, Labrus
spp., Apogon imberbis, Symphodus rostratusand
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Fig. 6. (a) Direct effect of simulated increases in fishing pres-
sure on macrocarnivorous fish; (b) indirect effects on small
invertebrate-feeding fish groups; and (c) indirect effects on benthic
invertebrates. Star indicates steady-state fishing pressure.
Phycis blennoides) declined markedly with increased
fishing pressure. At three times steady-state fishing
pressure (1.596 g m−2 per year), the macrocarnivorous
fish had been extirpated (Fig. 6a). This reduction in
predation pressure led to a substantial increase in the
biomass of small fish (Fig. 6b) and a slight increase in
the biomass of decapod crustaceans and suspension
feeders (Fig. 5c). These changes also coincided with a
slight decline in the biomass of amphipods and an in-
crease in that of gastropods and polychaetes (Fig. 6c).
Complete cessation of fishing on macrocarnivorous
fish species resulted in a recovery in biomass and
a notable decrease in the biomass of small benthic
fishes (Fig. 6b).
When fishing pressure was increased on all 10
exploited fish groups, the most heavily fished (pisci-
vores and macrocarnivores) were rapidly depleted and
then extirpated (Fig. 7a). Other target groups, how-
ever, including three invertebrate-feeding fish groups
(IF1–3) and planktivores, experienced increases in
biomass, and this was particularly so for IF1 (which
includesSymphodus tinca, Symphodus mediterraneus,
Diplodus annularis, Mullus surmuletus, Gobiusspp.,
Tripterygionspp.) (Fig. 7a). The biomass of herbivo-
rous fishes and the unfished omnivorous blennies was
reduced by the increase in fishing pressure, whilst
both Mugilidae and IF4 groups of fishes (of which
Sciaena umbrawas heavily fished) were particularly
vulnerable and were rapidly extirpated (Fig. 7a).
Indirect effects of the increase in fishing pressure
on invertebrates were equally as mixed as the effect
on the different fish groups. The biomasses of gas-
tropods, amphipods, decapods and macroalgae were
little impacted by increases in overall fishing, whilst
the biomass of echinoderms and polychaetes declined.
The biomass of suspension feeders (sponges, bivalves,
hydrozoans, bryozoans, sea anemones and tunicates)
and ‘other crustaceans’ (isopods, ostracods, tanaids,
cumaceans and caprellids) was enhanced (Fig. 7b).
3.4. Temporal dynamics
When fishing pressure was doubled on any particu-
lar group (piscivores, macrocarnivores, IF2 or IF3), the
most rapid responses were among the target species
(Fig. 8) and in each case the target group exhibited
exponential decline, with much of the biomass change
occurring within the first 5 years. Indirect responses of
other groups in the system occurred over longer time
scales, and with varying degrees of inertia, thus often
displaying sigmoidal patterns (Fig. 8).
After fishing pressure on piscivores increased to
1.062 g m−2 per year, their biomass declined by 52.7%
within the first 5 years, but over the following 10 years,
experienced a 22.5% recovery (Fig. 8a). By contrast,
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Fig. 7. (a) Effect of general increases in fishing pressure (all target species) on fish groups; and (b) indirect effects on benthic invertebrates.
the biomass of omnivorous blennies rose slightly for
the first 4 years of increased fishing, but then rapidly
declined over the following 10 years, as the biomass
of macrocarnivorous and other fish groups began to
accumulate (Fig. 8a). The IF1 group of fishes in-
creased rapidly as the biomass of piscivores declined,
while other fish and invertebrates tended to show more
sustained responses (Fig. 8a). In most groups, there
was little evidence that any new equilibrium had been
reached within 20 years after the initiation of the new
fishing regime.
When fishing on macrocarnivorous fish was dou-
bled, their biomass decreased rapidly by 53.3% within
the first 5 years, and continued to decline up to year
20. The most marked and rapid indirect response was
experienced by the omnivorous blennies, and again,
no groups reached a new equilibrium before year 20
(Fig. 8b).
When IF2 was more heavily fished (Fig. 8c), their
biomass continued to decline up to year 20. The
biomass of echinoderms, suspension feeders, macroal-
gae and IF3 fish in all cases increased very little.
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Fig. 8. Responses of system components to a doubling of fishing pressure on (a) piscivorous fish, (b) macrocarnivorous fish, (c) IF2 fish,
(d) IF3 fish and (e) echinoderms. Direct responses of target/manipulated groups are indicated by dashed lines.
More intensive fishing on the IF3 fish led to an ini-
tially very rapid decline in their biomass, then a slight
recovery, whereas the IF2 fish declined markedly and
had not reached equilibrium by year 20. Macroalgae,
echinoderms and herbivorous fish experienced slight
declines in biomass over the first 5–10 years, but then
reached new equilibria or, in the case of echinoderms,
increased up to year 20 (Fig. 8d). Direct and indirect
responses to complete cessation of fishing on any par-
ticular target group were numerically opposite those
when fishing pressure was doubled.
When harvesting at a rate of 22.1 g m−2 per year was
initiated on echinoderms, there was very rapid decline
in the biomass of this group by 75.6% within the first
5 years (Fig. 8e). This was followed by a continued
but much slower decline up to year 20, when echino-
derms were almost completely extirpated. In response,
macroalgae experienced a gradual increase in biomass
over the 20-year duration of the simulation, and her-
bivorous fish, after a period of inertia (∼2 years), re-
sponded markedly, reaching a new asymptote around
year 20 (Fig. 8e).
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Fig. 9. (a) Indirect effect on cephalopod biomass of increasing
fishing pressure; (b) indirect effects on seabirds of increasing
fishing pressures, and (c) indirect effects of increasing fishing
pressures on grey-mullets (Mugildae).
3.5. Other indirect effects of fishing
Increased fishing pressure on piscivores, all tar-
get species together and IF3 fish, resulted in increase
in the biomass of cephalopods (Fig. 9a). However,
an increase in fishing pressure on macrocarnivorous
fish resulted in a negative impact on cephalopods. In-
creased fishing on piscivores or all target fishes to-
gether resulted in a marked increase in seabird biomass
(Fig. 9b) and marked decline in the biomass of mul-
lets (Mugilidae) (Fig. 9c), which as surface swimmers
were heavily preyed upon by seabirds (especially the
OspreyPandion haliaetus).
4. Discussion
The relationship between stability and the structure
of ecosystems has been widely discussed in the eco-
logical literature (e.g.Odum, 1969; Holling, 1973;
May, 1973; McCann et al., 1998; Johnson, 2000)
and the time required for functional groups to return
to baseline levels following a disturbance has been
found to be closely correlated with the fraction of the
ecosystem’s throughput that is recycled (Vasconcellos
et al., 1997). The capacity of an ecosystem to entrap,
withhold and cycle nutrients increases with system
‘maturity’ (Odum, 1969), andChristensen and Pauly
(1993) found a strong correlation between FCI and
maturity rankings described byChristensen (1995).
The FCI value reported here (21.69%) was relatively
high, indicating a substantial degree of recycling.
This value was higher than reported for tropical coral
reef systems (Dalsgaard, 1995) and was roughly
equivalent to values reported for Lake Turkana and
the Mandinga Lagoon (Christensen and Pauly, 1993).
Taken with the short recovery times that we report
(Table 2), it would seem that the Mediterranean rocky
littoral ecosystem is relatively resilient and ‘mature’
compared to many other coastal and shelf systems
(Vasconcellos et al., 1997; Pauly et al., 2000).
Many of the existing Ecosim studies (e.g.Walters
et al., 1997; Stevens et al., 2000; Shannon et al., 2000)
indicate that the longevity and magnitude of pre-
dicted responses are very sensitive to the amount of
‘top-down’ or ‘bottom-up’ control assumed for com-
ponents within the system (v). This was also the case
in the present study, where higher values ofv resulted
in more dramatic and longer term responses than
lower values ofv. With a predominance of top-down
control (v set at 0.6), most functional groups did not
recover to 1% of their original biomass within 40
years, and recovery following a pulse of increased
fishing on the IF1 group in particular, took more than
80 years. Clearly, had higher values ofv been used in
all simulations, a greater number and more dramatic
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examples of fishing-induced ‘trophic cascades’ would
have been predicted, althoughWalters et al. (1997)
suggested that strong top-down control might not be
very common because of evolutionary constraints,
such as the constant colonisation and vacation of evo-
lutionary niches.Pinnegar et al. (2000)reviewed many
examples of top-down trophic cascades in benthic
marine systems, these often involved a rather limited
range of prey organisms, particularly sea urchins or
limpets, which have few specialist predators. Most
predation by fishes is of a generalist nature, such
that there is great overlap in diet, and great scope for
prey species to replace one another in diets (Pinnegar
et al., 2000). Natural ecosystems most likely exhibit
a mixture of lowv and highv linkages (rather than a
uniform v throughout) and weak trophic links may be
important in promoting community persistence and
stability (McCann et al., 1998; Polis, 1998).
The model ofMcClanahan and Sala (1997)em-
phasised strong top-down control, and thus supported
the paradigm that fishing, by removing invertebrate-
feeding fish, allows increases in the biomass of sea
urchins and as a consequence the formation of over-
grazed ‘barrens’ of bare substrate (e.g.Sala and
Zabala, 1996). The Ecosim model presented here
provides little support for this trophic cascade, and
implies that some factor other than fishing may be re-
sponsible for the proliferation of coralline barrens in
the western Mediterranean. The substantial decrease
in the biomass of invertebrate-feeding fish groups IF2
and IF3, resulting from a sixfold increase in fishing
pressure, led to only small increases in echinoderm
abundance (8.7 and 0.8%, respectively) and suggests
that predation could not alone cause the very high
sea urchin densities observed at some unprotected
Mediterranean sites (e.g.Sala and Zabala, 1996). In
contradiction to their earlier work,Sala et al. (1998b)
suggested that sea urchin populations in the Medes
Islands (Spain), exhibited striking short-term fluctua-
tions in abundance in both protected and unprotected
sites, such that factors including recruitment variabil-
ity may outweigh the effects of fish predation. In the
north-western Atlantic, a large temperature anomaly
may have led to intense sea urchin recruitment, the ap-
pearance of large adult populations 4–6 years later and
proliferation of coralline barrens after 8 years (Hart
and Scheibling, 1988), despite earlier contentions that
this too had been related to a depletion of urchin preda-
tors. The present observation that direct harvesting
of urchins can result in substantial macroalgal over-
growth, does suggest that urchin populations may be
in some way involved in the mechanism responsible
for corralline barren proliferation.Benedetti-Cecchi
et al. (1998)have suggested that in Mediterranean
areas where corralline barrens are common, recovery
of fleshy algae may only occur when sea urchins are
totally removed. Were harvesting to commence in a
previously unfished area, at levels equivalent to those
predicted for Marseilles, our model predicts that an
8.6% increase in macroalgal biomass would result.
On tropical coral reefs, increases in fishing effort
may result in an exponential decline in the biomass of
many predatory fish species, and even low levels of
fishing pressure may have substantial impact on stocks
(Jennings et al., 1995; Jennings and Polunin, 1997). In
the present study, small departures of fishing pressure
from steady-state conditions were also predicted to
greatly affect the biomass of large piscivorous and
macrocarnivorous fish species. However, the decrease
in small invertebrate-feeding fish (blennies and IF3
species) observed within MPAs (Macpherson, 1994;
Vacchi et al., 1998; La Mesa and Vacchi, 1999) did
not result from the increase in large piscivorous fish
(e.g. groupers), as supposed inPinnegar et al. (2000).
The phenomenon may be more related to the increased
prevalence of smaller predators, such as scorpaenids
and serranids (i.e. the ‘macrocarnivores’).
Increases in prey fish abundance as a result of
predator depletion may not be as prevalent as pre-
viously thought (Jennings et al., 1995; Jennings and
Polunin, 1997; Polunin and Jennings, 1998; Russ and
Alcala, 1998a,b), although it has occasionally been
observed for some grazing surgeonfish, diodontids,
small-bodied wrasses and damselfish in coral reef
systems (Roberts and Polunin, 1992; McClanahan,
1994). Mechanisms leading to the increase in small
benthic invertebrates within MPAs, as observed in the
field by Badalamenti et al. (1999), Chemello et al.
(1999) and Milazzo et al. (2000), remain unclear.
This is particularly so for gastropods, since none of
the fishing scenarios in the present study revealed a
higher gastropod biomass at low fishing pressures.
Pinnegar et al. (2000)suggested that the increased
abundances of polychaetes observed byBadalamenti
et al. (1999)within an MPA might be related to the
reduced prevalence of small blennies, but the present
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model suggests that this is more likely to be related to
the reduced abundance of other invertebrate-feeding
fishes (IF1) and especiallyM. surmuletus, in which
polychaetes may comprise 30% of the diet (Riutort,
1994). There have been several studies in the Mediter-
ranean which have demonstrated that abundances of
small invertebrates (e.g. polychaetes and gastropods)
are influenced more by algal cover and structural
complexity than any other factor (Abbiati et al., 1987;
Giangrande, 1988; Chemello et al., 1997). This may
be because structural complexity has an inhibitory
effect on predatory success, by diminishing the preda-
tors movements and the visibility of prey (Orth et al.,
1984).
Throughout the world, soft-bottom communities,
where intensively fished, have exhibited increased
dominance of cephalopods, particularly squid (Caddy,
1983; Gulland and Garcia, 1984; Pauly, 1985, 1988;
Sissenwine, 1986; Pipitone et al., 2000). In the present
study, this was found to be true when fishing pres-
sure was increased on all target groups generally or
on piscivores and IF3 fish individually. This may be
partly due to a reduction in the prevalence of poten-
tial cephalopod predators, but it may also be related
to increase in the availability in the present model
of bivalve molluscs included among the suspension
feeders, which together with decapods form the ma-
jor prey of Octopus vulgaris(Ambrose and Nelson,
1983).
Western Mediterranean populations of many
seabirds have experienced dramatic changes, with
marked declines in populations of European Shag
(Phalacrocorax aristotelis) and European Storm Pe-
trel (Hydrobates pelagicus) (Thibault et al., 1996). In
the present model, seabird biomass was dominated
(81%) by that ofP. aristotelis(the other 19% being
OspreyP. haliaetus). Corsican populations ofP. aris-
totelis are known to have declined markedly from
1977 to 1993, such that the Lavezzi and Cerbicale
Islands, which previously accounted for 65% of the
Corsican population, have lost nearly all of their
breeding pairs (Thibault et al., 1996). Many factors,
including fishing activities, the accidental introduc-
tion of predatory mammals and pollution/poisoning,
have been considered responsible, although poten-
tial food-chain influences (bottom-up) have yet to be
fully explored. In the Lavezzi Islands,Thibault et al.
(1996)suggest that the decline in the European Shag
population may be related to the increased scarcity
of small planktivorous fish, such as Atherininae and
Ammodytidae. European Shag faecal pellets at the
beginning of the 1980s, i.e. when their numbers were
high, were composed mainly of the remains of these
fish, but in recent years the latter are now nearly ab-
sent from pellets. In the present study, where fishing
was increased on piscivorous fish, the main competi-
tors of seabirds in the system, seabird biomass greatly
increased (Fig. 9b). However, the indirect food-chain
effects of fishing may be greatly outweighed by acci-
dental mortality of seabirds in fishing nets or lines. In
Corsica, accidental capture in fishing gear is thought
to be the primary cause (60.3%) of European Shag
mortality (Guyot, 1990).
4.1. Timing of responses
Most Mediterranean MPAs have been established
only within the past 15 years (Badalamenti et al.,
2000), a time period which the present study suggests
is insufficient for a new equilibrium to be estab-
lished. Consequently, differences observed in target
or non-target populations between MPAs and unpro-
tected sites (e.g.Sala and Zabala, 1996; Badalamenti
et al., 1999; Milazzo et al., 2000) might represent only
snapshots of a community that is in the process of
much longer term changes. The model ofMcClanahan
and Sala (1997)also predicted long-term successional
dynamics, with some processes occurring only af-
ter 20 years of simulation. However, in the present
study, responses of target species were predicted to
occur very shortly after the initiation of a new fishing
regime, and this has been borne out in Mediterranean
field studies, such as that ofPipitone et al. (2000). Our
results predict that effects, such as trophic cascades,
are expected only after several years of the prevailing
fishing regime, and even then they may be somewhat
obscured by temporal dynamics of other processes,
such as recruitment variability (Sala et al., 1998b).
Harmelin et al. (1995)observed long-term and ap-
parently rhythmic fluctuations in the fish assemblage
of a Mediterranean MPA, while these fluctuations
were largely masked by short-term variability outside
it. The authors supposed that the greater fluctuations
outside the reserve were most likely related to human
activities.Francour (1994)also observed lower vari-
ability, diversity, density and biomass in protected sites
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(Scandola Reserve, Corsica) compared with nearby
fished areas, and attributed this to the control of natural
recruitment fluctuations (mainly labrids) by high-level
predators that were more abundant in the protected
area.
5. Conclusions
The Ecosim approach can be a valuable tool for
ecosystem-scale adaptive management experiments
and in the present case, has helped to elucidate pos-
sible mechanisms underlying observations from the
field. Our simulations have demonstrated that in gen-
eral the ecosystem was able to recover from pulses
of increased fishing pressure, although this recovery
was reliant on the configuration of the model and par-
ticularly the value assumed forv. In many instances,
the model did give predictions which were consistent
with field data, whilst also highlighting the possibility
of additional trophic cascades involving seabirds and
cephalopods. It must be remembered, however, that in
the present paper we have only examined the tip of a
very large the ‘iceberg’, in the sense that we have eval-
uated the effects of particular combinations of Ecosim
settings and possible Ecopath input parameters. There
is a clear need for formal sensitivity analysis, in order
to explore the multitude of possible permutations and
possible ‘parameter-space ‘. This being said, mod-
elling may significantly enhance our understanding
of the potential impact of fisheries at larger spatial
scales and on groups that would otherwise be very
difficult to study. The model developed in the present
paper is the most comprehensive yet constructed for
any system in the western Mediterranean. Predictions
resulting from the present model may form the basis
for hypotheses to be tested in the future.
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Appendix A. Functional groupings of 34 species of
rocky littoral fishes. Fishes aggregated on the basis
of diet similarity using Bray–Curtis similarity
indices, hierarchical agglomerative clustering and
group-average linking (after Pinnegar, 2000)
Piscivorous Fish Aidablennius sphynx
Dentex dentex Parablennius zvonmiri
Serranus cabrilla
Scorpaena scrofa Benthic Invert.
Muraena helena Feeders (IF4)
Conger conger Symphodus
melanocercus
Macrocarnivorous Fish Sciaena umbra
Apogon imberbis
Labrus merula Sessile Invert.
Scorpaena porcus Feeders
Scorpaena notata Diplodus puntazzo
Serranus scriba
Symphodus rostratus Omnivorous Blennies
Phycis blennoides Lipophryssp.
Parablennius rouxi/
Benthic Invert. P. incognitus
Feeders (IF1)
Mullus surmuletus Herbivores






Benthic Invert. Boops boops
Feeders (IF2) Symphodus ocellatus
Diplodus sargus Atherina presbyter




Coris julis Mugil cephalus
Symphodus roissali Liza aurata
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